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Introduction {#ece32389-sec-0001}
============

Human population expansion is unlikely to stabilize in the 21st century (Gerland et al. [2014](#ece32389-bib-0035){ref-type="ref"}). As the expansion of the human population is associated with land‐use change, the earth\'s biomes have been so fundamentally altered that they are now best characterized as "anthropogenic biomes" (Ellis and Ramankutty [2008](#ece32389-bib-0023){ref-type="ref"}). Much attention has therefore been focused on the impacts of human land‐use change on biodiversity (Gaston [2000](#ece32389-bib-0031){ref-type="ref"}; Gaston et al. [2003](#ece32389-bib-0032){ref-type="ref"}; Dobrovolski et al. [2013](#ece32389-bib-0020){ref-type="ref"}), given that land‐use change can promote biodiversity declines (Foley et al. [2007](#ece32389-bib-0030){ref-type="ref"}). Understanding the impact of urban and agricultural intensification on biodiversity is of particular importance, as they form a substantial component of human land‐use activities. From 1700 to 2000, agriculture and urban settlement increased from 5% to 39% of the earth\'s total ice‐free terrestrial surface (Ellis et al. [2010](#ece32389-bib-0024){ref-type="ref"}). Both urbanization (Evans et al. [2011](#ece32389-bib-0028){ref-type="ref"}) and agriculture (Tilman [1999](#ece32389-bib-0084){ref-type="ref"}) continue to expand rapidly, with a concomitant expected decrease in biodiversity (Vitousek et al. [1997](#ece32389-bib-0090){ref-type="ref"}; Foley et al. [2007](#ece32389-bib-0030){ref-type="ref"}; Dobrovolski et al. [2013](#ece32389-bib-0020){ref-type="ref"}).

Although the impacts of habitat alteration on biodiversity are often revealed through changes in abundance, richness, and assemblage composition (e.g., Van Rensburg et al. [2009](#ece32389-bib-0087){ref-type="ref"}; Pautasso et al. [2011](#ece32389-bib-0064){ref-type="ref"}; Maron et al. [2013](#ece32389-bib-0049){ref-type="ref"}; Rogers and Chown [2014](#ece32389-bib-0069){ref-type="ref"}), land‐use change also affects species‐specific functional traits (Peres [2000](#ece32389-bib-0065){ref-type="ref"}; Pocock [2011](#ece32389-bib-0067){ref-type="ref"}; Luck et al. [2012](#ece32389-bib-0047){ref-type="ref"}; Newbold et al. [2013](#ece32389-bib-0061){ref-type="ref"}). However, land‐use change might not alter species diversity and functional trait diversity in a similar manner. For example, the species and functional diversity relationship varies with disturbance intensity in Boreal forests trees (Biswas and Mallik [2011](#ece32389-bib-0004){ref-type="ref"}) and Australian birds may display striking differences in their response to land use when comparing species or functional diversity across 24 land uses along an intensification gradient (Luck et al. [2013](#ece32389-bib-0048){ref-type="ref"}). Indeed, while it is often assumed that functional diversity declines with species diversity decline under land‐use change, there is growing empirical support that changes in species and functional trait diversity may follow various trajectories, as land‐use change impacts primarily on community assembly processes (Mayfield et al. [2010](#ece32389-bib-0050){ref-type="ref"}; Cadotte et al. [2011](#ece32389-bib-0006){ref-type="ref"}). The variation of such responses to environmental change among species may determine the resilience of communities and ecosystems to environmental degradation, like that of land‐use change (Mori et al. [2013](#ece32389-bib-0054){ref-type="ref"}). Thus, an improved understanding of how land‐use change alters species richness and abundances patterns, combined with how it alters the functional diversity of those species assemblages, is essential for understanding and mitigating the impacts of land‐use change on biodiversity (Mayfield et al. [2010](#ece32389-bib-0050){ref-type="ref"}; Cadotte et al. [2011](#ece32389-bib-0006){ref-type="ref"}; Cardinale et al. [2012](#ece32389-bib-0007){ref-type="ref"}; Mori et al. [2013](#ece32389-bib-0054){ref-type="ref"}). In consequence, functional trait diversity analyses may be more suitable to assess the impacts of disturbance to ecosystems, as the impacts may be independent of changes in species richness (Mouillot et al. [2013](#ece32389-bib-0056){ref-type="ref"}).

Birds make a useful group to investigate the impact of environmental changes such as land‐use change (e.g., Schulze et al. [2004](#ece32389-bib-0074){ref-type="ref"}). Indeed, previous work has demonstrated that in urban areas, bird assemblages can show marked changes, typically being dominated by a few highly abundant species that are well adapted to human‐affected landscapes, be they native or alien invasive species (Clergeau et al. [1998](#ece32389-bib-0012){ref-type="ref"}; McKinney [2006](#ece32389-bib-0052){ref-type="ref"}; Van Rensburg et al. [2009](#ece32389-bib-0087){ref-type="ref"}; Evans et al. [2011](#ece32389-bib-0028){ref-type="ref"}; de Lima et al. [2013](#ece32389-bib-0045){ref-type="ref"}). The functional traits of birds are also affected because foraging guilds, such as granivores, frugivores, and mixed feeders, may benefit in response to favorable anthropogenic alterations of their habitat through urban and agricultural conversion (Clergeau et al. [1998](#ece32389-bib-0012){ref-type="ref"}; Child et al. [2009](#ece32389-bib-0008){ref-type="ref"}; Greve et al. [2011](#ece32389-bib-0036){ref-type="ref"}; Rogers and Chown [2014](#ece32389-bib-0069){ref-type="ref"}). Large‐bodied birds, typically raptors, often decline markedly in abundance with landscape transformation, especially outside of protected areas (Herremans and Herremans‐Tonnoeyr [2000](#ece32389-bib-0038){ref-type="ref"}; Peres [2000](#ece32389-bib-0065){ref-type="ref"}; Devictor et al. [2007](#ece32389-bib-0016){ref-type="ref"}; Thiollay [2007](#ece32389-bib-0081){ref-type="ref"}).

Over the next three decades, Africa\'s population expansion is projected to accelerate the most rapidly of all the continents (Gerland et al. [2014](#ece32389-bib-0035){ref-type="ref"}). Much of the concomitant land‐use change associated with such expansion is expected in "village biomes," which are agricultural regions interspersed with urban settlements (Ellis and Ramankutty [2008](#ece32389-bib-0023){ref-type="ref"}). The African savanna biome covers much of the continent and also supports a large proportion of its biodiversity, but is changing rapidly given growing human populations and development (Scholtz and Chown [1993](#ece32389-bib-0073){ref-type="ref"}; Chown [2010](#ece32389-bib-0009){ref-type="ref"}; Trimble and van Aarde [2012](#ece32389-bib-0086){ref-type="ref"}). Compared to other biomes, the impacts of land‐use change associated with agricultural intensification and urbanization in African savanna ecosystems are also poorly studied (Trimble and van Aarde [2012](#ece32389-bib-0086){ref-type="ref"}).

Here, we therefore investigate how avian assemblage diversity and species functional trait diversity vary across a gradient of intensifying land‐use change in a savanna ecosystem, especially to examine the idea that species and functional diversity responses to land‐use change are variable. We focus our study on an exemplar African savanna ecosystem in and around the Kruger National Park (KNP), South Africa. We sampled within a historically homogeneous vegetation type, a portion of which has been conserved within the KNP and the rest of which has been subjected to a range of land uses. In consequence, changes in bird assemblages should largely reflect anthropogenic alteration to the landscape, rather than confounding variables that could potentially also drive species assemblages change (e.g., Pautasso et al. [2011](#ece32389-bib-0064){ref-type="ref"}).

We examine several key ideas. Primarily, we set out to examine the idea that species diversity and functional diversity change in different ways with land‐use change, and that they show complex relationships related (see Mayfield et al. [2010](#ece32389-bib-0050){ref-type="ref"} for rationale). We explore assemblage level changes between land‐use types by comparing community changes using standard metrics, such raw counts, analysis of similarity, nonmetric multidimensional scaling, beta‐diversity change, and by identifying indicator species. Then, using morphometric, foraging and breeding functional traits of birds, we estimate the functional diversity changes between land‐use types. To do so, we use functional diversity indices. Next we use fourth‐corner statistics to test for associations between the abundance structure of the community, functional characteristics of the species (species traits), and environmental conditions (site traits; Dray and Legendre [2008](#ece32389-bib-0021){ref-type="ref"}; Neuschulz et al. [2013](#ece32389-bib-0060){ref-type="ref"}). This approach helps disentangle the complex relationships among species and functional measures of diversity. To provide further insight into the potential factors influencing these relationships, we also determined the extent to which environmental energy availability may be a potential driver that underlies variation in both species diversity and functional diversity. In particular, we examine the idea that it is not only energy availability, but also its seasonality that influences variation in diversity (see Rohde [1992](#ece32389-bib-0070){ref-type="ref"} for an early discussion of the hypothesis). Environmental energy availability is a significant determinant of especially larger scale variation in species richness, and typically, species richness increases with energy availability (Evans et al. [2005](#ece32389-bib-0026){ref-type="ref"}; Storch et al. [2005](#ece32389-bib-0079){ref-type="ref"}), and species abundance may also do so (Hurlbert [2004](#ece32389-bib-0040){ref-type="ref"}). Land‐use change may directly alter energy availability in terms of primary productivity (Haberl et al. [2007](#ece32389-bib-0037){ref-type="ref"}). Despite these relationships, examinations of the importance of seasonality in energy availability are not common, nor are demonstrations that energy availability can also influence functional diversity independently of species diversity variation.

Because impacts of land use on biodiversity may vary regionally, the expected responses of avian assemblages under modified land use are not straightforward to predict, but we expect alterations to species richness, abundance, and functional traits under high land use, in keeping with general global trends (Sinclair et al. [2002](#ece32389-bib-0077){ref-type="ref"}; Devictor et al. [2007](#ece32389-bib-0016){ref-type="ref"}; Thiollay [2007](#ece32389-bib-0081){ref-type="ref"}; Greve et al. [2011](#ece32389-bib-0036){ref-type="ref"}). In particular, species with large body size may decline in abundance with landscape transformation (Herremans and Herremans‐Tonnoeyr [2000](#ece32389-bib-0038){ref-type="ref"}; Peres [2000](#ece32389-bib-0065){ref-type="ref"}; Devictor et al. [2007](#ece32389-bib-0016){ref-type="ref"}; Thiollay [2007](#ece32389-bib-0081){ref-type="ref"}).

Methods {#ece32389-sec-0002}
=======

Study region {#ece32389-sec-0003}
------------

All sampling was conducted in and around the town of Phalaborwa, South Africa (23°56′44.89″S 31°9′53.71″E). Phalaborwa was established in the early 1960s to a serve the nearby copper mining operations, has a population of approximately 140 000, and is characterized by semi‐urban households. All sampling sites were in a historically identical vegetation type, the Phalaborwa Sandy Mopaneveld sensu Mucina and Rutherford ([2006](#ece32389-bib-0057){ref-type="ref"}). Since the establishment of the town, land‐use change has altered the landscape, and now four land uses characterize this vegetation type: (1) A "protected area," inside the Kruger National Park (KNP), (2) a "matrix area" representing the habitat matrix between (3) a "rural area" outside KNP, and (4) an "urban area" outside KNP. These classes represent a gradient of land‐use intensity from low (protected‐matrix areas) to high (rural--urban areas; Fig. [1](#ece32389-fig-0001){ref-type="fig"}).

![Map of the study region indicating major land‐use types, with aerial photographs of each. Point sampling locations are indicated by filled black circles.](ECE3-6-7610-g001){#ece32389-fig-0001}

The KNP was established in 1931, and although managed, the protected area represents a comparatively pristine ecosystem (du Toit et al. [2003](#ece32389-bib-0085){ref-type="ref"}). The rural area is primarily a subsistence‐farming region, where humans living rurally produce crops or raise livestock primarily for their own consumption. This area is under heavy grazing from cattle and goats. The urban area is semi‐urbanized (sensu Pautasso et al. [2011](#ece32389-bib-0064){ref-type="ref"}) mainly characterized by suburban houses with large gardens, but also incorporating more transformed sections such as tarred roads and commercial buildings. The matrix area is characterized by currently unused, unfarmed and unprotected land under low extractive use with minimal grazing impact and is not under any formal designation of traditional land‐use classes (see illustrative aerial photographs in Fig. [1](#ece32389-fig-0001){ref-type="fig"}).

Study design {#ece32389-sec-0004}
------------

We followed an exact distance point transect sampling approach (Thomas et al. [2010](#ece32389-bib-0083){ref-type="ref"}). Point counts were located at random in each land use: protected area (*n* = 20), rural area (*n* = 20), matrix area (*n* = 20), and urban area (*n* = 10; due to its small spatial extent). Extensive obstructions (roads, fences, private lands, mining operations, settlements, and safety concerns) prevented true random placement of points outside the protected area, but in those cases, they were relocated to the nearest point that met the sampling criteria. Points in the rural area were located in grazing lands away from dense human settlements. Points were at least 400 m from conspicuous boundaries (major roads, boundaries between land use, any water body), and at least 300 m apart to avoid pseudoreplication (Sutherland [1996](#ece32389-bib-0080){ref-type="ref"}; Van Rensburg et al. [2009](#ece32389-bib-0087){ref-type="ref"}; Greve et al. [2011](#ece32389-bib-0036){ref-type="ref"}). Typically, points were much further apart ($\overline{x}$ = 11.95 km; SD = 7.7 km; *n* = 70).

Birds were counted (by one observer \[BWTC\]) at point stations for 10 min, which commenced after a two‐minute period to acclimatize birds. All birds seen and heard were noted, and the distance from observer recorded with a laser rangefinder, up to 100 m. Flying birds were omitted. Surveys were conducted between 06:00 and 10:00 during peak bird activity and only in good weather (no heavy wind or rain).

Sampling was conducted over 2 years (2010, 2011) in February--March and October--November (thus four sampling events in total), when most migrant species actively utilize landscapes in the region (Hockey et al. [2005](#ece32389-bib-0039){ref-type="ref"}). Points were visited twice per sampling event (thus 560‐point counts conducted), but data for such repeat counts per sampling event were pooled, resulting in a total of 280‐point counts over all four sampling events (70‐point counts with pooled data for each of the four sampling events).

Data analysis: data preparation {#ece32389-sec-0005}
-------------------------------

All analyses are reported with point count data combined for each land use across years and months, because a generalized linear model \[assuming a Poisson distribution, corrected for overdispersion, with a log link function fitted in R (R Core Team [2014](#ece32389-bib-0068){ref-type="ref"})\] revealed that only land use, and not sampling year or month, had a significant effect on species richness or abundance (Table S1).

The sampling adequacy of our study design to capture the potential species present was assessed with EstimateS v. 8.20, before data analysis (Colwell [2005](#ece32389-bib-0015){ref-type="ref"}). Because sample‐based rarefaction approached an asymptote (Fig. S1), singleton species additions may be expected with further sampling, but observed species richness can nonetheless be considered a robust and comparable approximation across land uses (Colwell [2005](#ece32389-bib-0015){ref-type="ref"}).

Because differences in species detectability may bias density estimates, we tested the influence of differences in species detectability before data analysis (Thomas et al. [2010](#ece32389-bib-0083){ref-type="ref"}; Greve et al. [2011](#ece32389-bib-0036){ref-type="ref"}). Due to low sample sizes of rarer species, as is typical in community ecology, detection functions could not be fitted to all species, or fitted to species from individual land uses, and so we opted for a surrogate species approach, following others (Thomas et al. [2010](#ece32389-bib-0083){ref-type="ref"}; Greve et al. [2011](#ece32389-bib-0036){ref-type="ref"}; and see Mulwa et al. [2012](#ece32389-bib-0058){ref-type="ref"}). Surrogate species groups were identified with a trait dendrogram based on a hierarchical cluster analysis on a dissimilarity matrix (details follow under "[Data analysis: trait changes](#ece32389-sec-0007){ref-type="sec"}"). When correcting for detection across the seven emergent species functional groups (see Fig. S2; Table S2), a high correlation remained between observed density, and density corrected for detection (Fig. S3; Pearson\'s *r* = 0.994; *P* \< 0.001). For each group, the best‐fit detection function was also a monotonically decreasing detection function at a 40‐m truncation (Fig. S4). Consequently, we consider the influence of species detectability and detectability between land uses negligible in our study, and so densities were not adjusted for detectability (following Thomas et al. [2010](#ece32389-bib-0083){ref-type="ref"}; Greve et al. [2011](#ece32389-bib-0036){ref-type="ref"}). As such, all further analyses are conducted on species included at a 40‐m truncation.

Data analysis: assemblage changes {#ece32389-sec-0006}
---------------------------------

To investigate whether significant differences exist in bird assemblages across and between land use, we compared bird assemblages using an analysis of similarity (ANOSIM) and nonmetric multidimensional scaling plots (nMDS; PRIMER v.5; Clarke and Warwick [2001](#ece32389-bib-0010){ref-type="ref"}). An ANOSIM broadly analyses the difference in overall assemblage structure, where the closer a significant Global *R* statistic is to one, the more distinct the differences. An nMDS displays the relationships between assemblages based on the similarity matrix; the closer the data points are the more similar they are (Clarke and Warwick [2001](#ece32389-bib-0010){ref-type="ref"}). Rare and common species were weighted equally by square root transformation of the data before analysis, and a Bray--Curtis similarity measure was used to calculate the similarity matrix (Clarke and Warwick [2001](#ece32389-bib-0010){ref-type="ref"}). The characteristic and common species from all land use were identified using the indicator value method (IndVals; Dufrene and Legendre [1997](#ece32389-bib-0022){ref-type="ref"}). Raw abundances for the most prevalent and characteristic species were plotted with the "mvabund" package (Wang et al. [2012](#ece32389-bib-0091){ref-type="ref"}) in R (R Core Team [2014](#ece32389-bib-0068){ref-type="ref"}). The extent of spatial turnover of species along the land‐use gradient was quantified with beta‐diversity metrics. Beta‐diversity patterns can be partitioned into dissimilarity in communities due to species replacement (Simpson dissimilarity or spatial turnover, ß~sim~) and dissimilarity due to nestedness (nestedness‐resultant dissimilarity, ß~sne~, Baselga [2012](#ece32389-bib-0002){ref-type="ref"}). We calculated beta diversity in the "betapart" package (Baselga and Orme [2012](#ece32389-bib-0003){ref-type="ref"}) and illustrated these diversity metrics using a hierarchical cluster dendrogram in R (R Core Team [2014](#ece32389-bib-0068){ref-type="ref"}).

Data analysis: trait changes {#ece32389-sec-0007}
----------------------------

To identify those traits which most strongly respond to changing land use, species functional traits were captured in three classes: morphometric, foraging guilds, and nesting traits. Morphometric traits were chosen that are inferred to have strong relationships with avian life history. These were mean: body mass, tarsus, wing, culmen, and tail length from Hockey et al. ([2005](#ece32389-bib-0039){ref-type="ref"}). Foraging guilds designation followed Greve et al. ([2011](#ece32389-bib-0036){ref-type="ref"}): frugivores, granivores, insectivores, nectarivores, mixed (more than one foraging guild), and predators (of vertebrates). Nesting traits were the mean clutch size and egg length, and nest type as a categorical variable (either hole, cup, oval, platform, or ground nester, and brood parasite), from Hockey et al. ([2005](#ece32389-bib-0039){ref-type="ref"}).

We tested for potential change of traits across the landscape in two ways: by identifying emergent functional groups and by relating species traits to land uses. First, to identify the major functional groups and their abundance change in our study region from the entire species assemblages (also used to test for differences in detectability, above), we constructed a trait dendrogram using the "GFD" function in R (Mouchet et al. [2008](#ece32389-bib-0055){ref-type="ref"}; R Core Team [2014](#ece32389-bib-0068){ref-type="ref"}). Functional groups are identified with a trait dendrogram based on a hierarchical cluster analysis from a dissimilarity matrix, built with the species traits described (Mouchet et al. [2008](#ece32389-bib-0055){ref-type="ref"}). Because clustering approaches differ in their ability to represent the distribution of species in a functional space, we used a consensus tree across clustering algorithms (see Mouchet et al. [2008](#ece32389-bib-0055){ref-type="ref"}). By combining the species abundance data with the seven emergent groups, we calculated the mean and standard deviation of abundance for each functional group per land use. We also examined the changes in the body size of species assemblages between land uses with body size frequency distribution (BSFD) histograms using body mass in grams for all species (Coetzee et al. [2013](#ece32389-bib-0013){ref-type="ref"}).

To characterize functional diversity (FD) for assemblages themselves across different land uses (the diversity of species traits in ecosystems; Schleuter et al. [2010](#ece32389-bib-0072){ref-type="ref"}), we used multidimensional functional indices. Villéger et al. ([2008](#ece32389-bib-0089){ref-type="ref"}) introduced FD indices that disaggregate FD into components of functional richness (FRic; the amount or "volume" of functional space filled by an assemblage), functional evenness (FEve; the evenness of abundance distribution in a functional trait space), and functional divergence (FDiv; the spread of abundance along a functional trait axis). These indices are independent of species richness, and so represent indices of the trait variation between land uses (Villéger et al. [2008](#ece32389-bib-0089){ref-type="ref"}). To downweigh the influence of highly abundant species, data to calculate functional diversity were the species by traits matrix and species presence absence data, per land use and was performed in the "FD" package (Laliberté and Shipley [2013](#ece32389-bib-0043){ref-type="ref"}) in R (R Core Team [2014](#ece32389-bib-0068){ref-type="ref"}).

Second, we related species traits to different land uses using fourth‐corner statistics. The approach can identify positive or negative associations between the biological or other traits of organisms and the environmental characteristics of the locations at which they are found (Dray and Legendre [2008](#ece32389-bib-0021){ref-type="ref"}), as well as the statistical strength of that association (Brown et al. [2014](#ece32389-bib-0005){ref-type="ref"}). In consequence, the method can uncover how land‐use change selects for particular species traits at that location, and so results of the fourth‐corner analysis can identify how the abundances of different traits vary as land‐use varies (Dray and Legendre [2008](#ece32389-bib-0021){ref-type="ref"}; Brown et al. [2014](#ece32389-bib-0005){ref-type="ref"}). The method links three data matrix tables: a table "L" with presence values for species across points, a table "R" with variables describing the traits of land cover areas (environmental conditions), and a table "Q" containing traits (e.g., morphological, breeding, and foraging attributes) of the species (Dray and Legendre [2008](#ece32389-bib-0021){ref-type="ref"}). To implement this test examining which species traits are associated with land uses, we used the "trait.mod" function in R (Brown et al. [2014](#ece32389-bib-0005){ref-type="ref"}; R Core Team [2014](#ece32389-bib-0068){ref-type="ref"}). Data for environmental traits were the presence or absence of land‐use categories (protected, matrix, rural, or urban areas).

Data analysis: energy availability {#ece32389-sec-0008}
----------------------------------

To test the influence of energy availability in structuring communities (here measured as primary productivity), we used the Normalised Difference Vegetation Index (NDVI; NASA [2014](#ece32389-bib-0059){ref-type="ref"}). NDVI is calculated from the red and near‐infrared reflectance of vegetation, and so provides a proxy of primary productivity and vegetation structure, both potential drivers of bird diversity (Kerr and Ostrovsky [2003](#ece32389-bib-0042){ref-type="ref"}; Rogers and Chown [2014](#ece32389-bib-0069){ref-type="ref"}; Nieto et al. [2015](#ece32389-bib-0062){ref-type="ref"}). Mean NDVI was calculated at a 250‐m^2^ resolution over a 16‐day period for both the February and November 2010--2011 sampling periods and averaged between February and November. NDVI data were then extracted for each sampling point location using ArcGIS 10.2 (ESRI [2014](#ece32389-bib-0025){ref-type="ref"}). Because seasonality in energy availability, or temporal heterogeneity, is being increasingly recognized as a factor influencing diversity (Menge and Sutherland [1976](#ece32389-bib-0053){ref-type="ref"}; Rohde [1992](#ece32389-bib-0070){ref-type="ref"}; Archibald et al. [2010](#ece32389-bib-0001){ref-type="ref"}; Stein et al. [2014](#ece32389-bib-0078){ref-type="ref"}), we also considered it explicitly as follows. In our study region, the peak‐growing season is in February. The lowest point in the growing season is in late winter (August), before the onset of the wet season typically starting September--October (see Fig. S5). To investigate seasonal differences in NDVI across land use, we therefore calculated the difference between February and August NDVI for each point location, determined as for primary productivity above.

To assess the influences of energy availability for bird species richness and abundance, we used generalized linear models (GLMs), assuming a Poisson distribution, corrected for overdispersion, with a log link function, fitted in R (R Core Team [2014](#ece32389-bib-0068){ref-type="ref"}). Explanatory variables were mean NDVI, the seasonal change in NDVI (the difference between February and August NDVI). In order to model the potential spatial dependence between observations, we included latitude and longitude as response variables. Functional diversity may also vary with energy availability if an increase in productivity in a landscape promotes a greater diversity of functional groups. To assess the influences of energy availability on the response variables of bird functional richness, diversity, and evenness, we fit identical GLMs as described above.

Results {#ece32389-sec-0009}
=======

Assemblage changes {#ece32389-sec-0010}
------------------

A total of 2382 individuals, representing 106 species, were recorded. Species richness and abundance were highest in the matrix, rural, and urban areas (Table [1](#ece32389-tbl-0001){ref-type="table"}). A unique assemblage, indicated by clustering in a multidimensional scaling plot, characterized the urban area, but assemblage differences were not as pronounced across the other land uses (Fig. [2](#ece32389-fig-0002){ref-type="fig"}; ANOSIM = Global *R *=* *0.44, *P *=* *0.01). The protected area contained fewer individuals, but greater abundances of some species than the other areas, such as the Red‐billed Quelea (*Quelea quelea*; see Appendix S1; all species detailed in Hockey et al. [2005](#ece32389-bib-0039){ref-type="ref"}). All land uses contained the ubiquitous Laughing Dove (*Streptopelia senegalensis*), but the urban area contained six times as many individuals of this species on average than other land uses (Appendix S1; Fig. S6). When considering raw abundances, mixed feeders such as the Red‐eyed Dove (*Streptopelia semitorquata*), Yellow‐Fronted Canary (*Crithagra mozambicus*), Bronze Mannikin (*Spermestes cucullatus*), and Southern Masked Weaver (*Ploceus velatus*) were most abundant in the urban area (Fig. S6). Insectivore abundance within the urban area was particularly high, especially for indicator species such as the African Paradise Flycatcher (*Terpsiphone viridis*) and Kurrichane Thrush (*Turdus libonyanus*; Table S3; Appendix S1); however, the Rattling Cisticola (*Cisticola chiniana*), an indicator species elsewhere, was absent from all urban points (Table S3; Appendix S1).

###### 

Total species richness and abundance, and mean species richness and abundance, respectively, together with two richness estimators: Jacknife2 (obtained without re‐sampling) and Chao1, across sampling sites in all land uses

                            Protected (*n* = 20)   Matrix (*n* = 20)       Rural (*n* = 20)       Urban (*n* = 10)
  ------------------------- ---------------------- ----------------------- ---------------------- ----------------------
  Total species rich.       48                     65                      58                     59
  Total species abund.      387                    621                     517                    857
  Mean species rich. (SD)   7.7 (2.72)             13.65 (3.5)             10.3 (3.18)            21.9 (5.65)
  Mean abund. (SD)          19.35 (27.48)          31.05 (13.26)           25.75 (7.86)           85.7 (22.84)
  Mean Jacknife2            79.18                  94.47                   104.98                 82.77
  Chao1 (95% CI)            61.13 (51.88; 92.38)   80.11 (69.76; 112.96)   72.15 (63.38; 98.48)   70.14 (62.06; 99.63)

Abund, Species abundance; SD, Standard deviation; CI, Confidence intervals.
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![Nonmetric multidimensional scaling plot of bird assemblages inside Kruger National Park (filled squares), and outside the protected area in rural (open circles) and urban (filled circles) land uses, and the connecting matrix (open squares). The greater the distance between sampling points, the greater the differences in their assemblages are. In terms of their overall assemblage structure, apart from urban, land uses are overlapping and only somewhat different (ANOSIM; Global *R *=* *0.44, *P *=* *0.01; Stress = 0.26).](ECE3-6-7610-g002){#ece32389-fig-0002}

Because the protected and matrix areas have a lower diversity of species, the beta diversity due to species turnover (ß~sim~) was highest between those regions and the rural area. Species turnover was also highest between protected‐matrix‐rural areas and the urban area (Fig. S7A). Dissimilarity due to nestedness was greatest between matrix and urban areas (Fig. S7B; ß~sne~), indicating that the urban area is not merely a nested subset of the matrix area, but contains species not found elsewhere in the study site.

Trait changes {#ece32389-sec-0011}
-------------

Functionally unique groups identified by the dendrogram, particularly large‐bodied ground nesters (Group 1), showed a decline in more intensely utilized land uses, while smaller bodied mixed feeders, insectivores, and canopy nesters greatly increased (groups 2--5), especially in the urban region (Fig. [3](#ece32389-fig-0003){ref-type="fig"} and see Fig. S2; Table S2). Larger species with specific bill morphology reflecting their foraging requirements (e.g., insectivorous/omnivorous hornbills -- Group 7), reached their highest diversity in the matrix area.

![Mean number of species per point count in seven functional groups, across protected, rural, urban, and matrix land‐use areas. Groups were identified using a trait dendrogram on morphometric, breeding, and foraging traits (Fig. S2). Bars indicate standard deviations. Functional groups are 1: large mixed feeders and ground nesters; 2: small mixed feeders, frugivores, and hole nesters; 3: small‐medium granivores and platform nesters; 4: small‐medium insect‐ and nectarivores, cup nesters, and parasitic breeders; 5: small‐medium mixed feeders and breeders; 6: small granivores and cup nesters; 7: large mixed feeders and hole nesters. See Table S2 for exemplar species.](ECE3-6-7610-g003){#ece32389-fig-0003}

Similar to species richness, functional richness increased markedly outside the protected area, as more species from a variety of functional groups are added to the assemblages in the matrix, rural, and urban areas (Tables [1](#ece32389-tbl-0001){ref-type="table"} and [2](#ece32389-tbl-0002){ref-type="table"}; Fig. [3](#ece32389-fig-0003){ref-type="fig"}), mainly driven by species replacement (see Fig. S7). Functional richness was particularly high in the rural area, which implies that its assemblage had a high diversity of functional traits, despite the absence of species with unique traits found in other land uses, such as large ground nesters (Group 1; Fig. [3](#ece32389-fig-0003){ref-type="fig"}) and hornbills (Group 7; Fig. [3](#ece32389-fig-0003){ref-type="fig"}). Functional evenness however was highest in the protected and matrix areas, and higher in the urban than in the rural area, indicating that the species in those assemblages occupied similar trait spaces at similar abundances and so are not dominated by a single species. Functional divergence, the spread of abundance along a functional trait axis, was highest in the protected area, driven in part by large‐bodied and morphologically differentiated species (Table [2](#ece32389-tbl-0002){ref-type="table"}; e.g., hornbills; large ground nesters, see Figs. [3](#ece32389-fig-0003){ref-type="fig"} and S2). The high functional divergence in the protected area indicated that the most abundant species there have extreme functional traits when compared to the functional trait space occupied by that assemblage. Functional divergence was identical in matrix and urban areas.

###### 

Functional diversity decomposed into constituent parts of functional richness, evenness, and divergence

                                 Protected   Matrix   Rural   Urban
  ------------------------------ ----------- -------- ------- -------
  Functional richness (FRic)     4.11        8.21     12.46   10.00
  Functional evenness (FEve)     0.61        0.64     0.49    0.56
  Functional divergence (FDiv)   0.89        0.74     0.69    0.74
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The sign and magnitude of the interaction coefficients denoted the nature and strength of the association of the trait--environment relationship, respectively (Brown et al. [2014](#ece32389-bib-0005){ref-type="ref"}). For example, there was a positive and strong association between the presence of ground nesters in the protected area, and conversely, a negative and strong association between the absence of ground nesters in the urban area (Fig. [4](#ece32389-fig-0004){ref-type="fig"}). The only morphometric traits that showed an association with land uses were tail, culmen, and egg length. The matrix area has the highest abundance of hornbills (Fig. [3](#ece32389-fig-0003){ref-type="fig"}), which had long culmen and tail lengths, and contributes to driving the positive and strong association of those traits and that region (Fig. [4](#ece32389-fig-0004){ref-type="fig"}). Assemblages in the rural area were characterized by traits such as smaller eggs and shorter tails (thus species of smaller body size) and nonplatform nesters (Fig. [4](#ece32389-fig-0004){ref-type="fig"}). There was a reduced abundance of frugivores in the protected area (see Fig. [4](#ece32389-fig-0004){ref-type="fig"}), but frugivores showed a positive and strong association with both matrix and urban land areas, while nectarivores only showed positive association with the urban area. Together with evidence of high abundances (Table [1](#ece32389-tbl-0001){ref-type="table"}), but low body mass (Fig. S8) of species outside the protected area, the finding from the fourth‐corner analysis suggested a decline of large‐bodied species outside of the protected area. Indeed, the seven largest species in our study area are ground nesters (such as francolins and guineafowl) and hornbills (their mean mass in grams $\overline{x}$ = 500; SD = 401.1; *n* = 7, mean mass for all species $\overline{x}$ = 71.9; SD = 153; *n* = 106), and it is these large‐bodied species that are absent from rural land use (Table S1; Fig. S2).

![Fourth‐corner statistics results for species presences across species traits and land‐use categories. Brighter squares show stronger associations than paler ones, positive associations are red, and negative associations are blue. Land uses run in columns, while species traits are in rows. See [Results](#ece32389-sec-0009){ref-type="sec"} for details on interpretation. MAT = matrix; PRO = protected; RUR = rural, URB = urban land‐use areas. *N* = nest, F = foraging guild.](ECE3-6-7610-g004){#ece32389-fig-0004}

Energy availability {#ece32389-sec-0012}
-------------------

Both species richness and abundance had significant positive relationships with mean NDVI across protected, matrix, rural, and urban areas, as well as a significant negative relationship with seasonal NDVI (Table [3](#ece32389-tbl-0003){ref-type="table"}). These models explained 46.8% and 35.5% of variance in species richness and abundance, respectively. Although species richness and functional diversity are not correlated in our study (Pearson\'s *r* = 0.22; *P* = 0.06; *N* = 70), GLMs indicated that functional richness also had significant positive relationship with mean NDVI, as well as a significant negative relationship with seasonal NDVI (Table S4). The model explained 22.8% of variance in functional richness. Neither functional evenness nor divergence displayed a significant relationship with either mean NDVI or seasonal NDVI (Table S4).

###### 

Results from a general linear model comparing both species richness and abundances across all land uses as a function of primary productivity explanatory variables (mean NDVI and seasonal NDVI), latitude, and longitude

  Species richness   Deviance explained   46.8%   
  ------------------ -------------------- ------- -----------
  Intercept          −51.75               53.68   0.34
  Mean NDVI          0.0005               7.57    \<0.001\*
  Seasonal NDVI      −0.0004              5.90    \<0.001\*
  Latitude           −2.11                1.60    0.19
  Longitude          0.07                 0.68    0.92

  Abundance       Deviance explained   35.5%    
  --------------- -------------------- -------- -----------
  Intercept       55.99                115.73   0.63
  Mean NDVI       0.0005               0.0001   \<0.001\*
  Seasonal NDVI   −0.0006              0.0001   \<0.001\*
  Latitude        1.05                 3.47     0.76
  Longitude       −0.92                1.47     0.53

Significant *P* values are denoted with an asterisk.
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Discussion {#ece32389-sec-0013}
==========

We aimed to determine the changes in avian assemblage structure and changes in the species traits of those communities, as a consequence of land‐use change outside a protected area. To our surprise, land‐use change outside the protected area generally increased both avian species richness and abundance. The urban area in particular contained a relatively unusual assemblage when compared to the other land uses, as shown by high species turnover between this area and others. It was also characterized by greatly increased abundances of some species common to all land uses, such as the doves, and increases in certain functional groups such as smaller sized mixed feeders, frugivores, and nectarivores. Species diversity changes under increasing land use are variable (McKinney [2002](#ece32389-bib-0051){ref-type="ref"}; Fairbanks [2004](#ece32389-bib-0029){ref-type="ref"}; Shochat et al. [2006](#ece32389-bib-0076){ref-type="ref"}; Child et al. [2009](#ece32389-bib-0008){ref-type="ref"}; Van Rensburg et al. [2009](#ece32389-bib-0087){ref-type="ref"}; Coetzee et al. [2014](#ece32389-bib-0014){ref-type="ref"}), and our results support a general finding that functionally generalist taxa may increase in urban areas (Shochat et al. [2006](#ece32389-bib-0076){ref-type="ref"}; Van Rensburg et al. [2009](#ece32389-bib-0087){ref-type="ref"}; Evans et al. [2011](#ece32389-bib-0028){ref-type="ref"}). Primary productivity, and seasonality in primary productivity, contributes much to explaining patterns in species richness, abundance, and functional richness across all land uses.

When untransformed, as in the protected area, the Phalaborwa Sandy Mopaneveld vegetation type in our study region is mainly dominated by hardy and drought‐resident mopane trees (*Colophospermum mopane*), a gregariously growing species which may exclude other plants (Van Wyk and Van Wyk [2000](#ece32389-bib-0088){ref-type="ref"}). Mopane offers few nesting and foraging opportunities for resident birds (Hockey et al. [2005](#ece32389-bib-0039){ref-type="ref"}). Outside the protected area, human land‐use change generally increases the overall primary productivity and so promotes avian diversity there. The provisioning of water through irrigation and the promotion of gardening in the urban area will also increase primary productivity. Importantly, water provisioning in the urban area occurs throughout the year in a region with a pronounced wet and dry season (Fig. S5). Less seasonal variation in productivity because of water provisioning in an otherwise very seasonal landscape will contribute to increased richness and abundance and so promote species turnover (Hurlbert and Haskell [2003](#ece32389-bib-0041){ref-type="ref"}). The role of spatial heterogeneity as a driver of species richness across taxa, biomes, and spatial scales is well established (Stein et al. [2014](#ece32389-bib-0078){ref-type="ref"}), but the role of temporal heterogeneity is more controversial (Menge and Sutherland [1976](#ece32389-bib-0053){ref-type="ref"}; Rohde [1992](#ece32389-bib-0070){ref-type="ref"}; Archibald et al. [2010](#ece32389-bib-0001){ref-type="ref"}; Stein et al. [2014](#ece32389-bib-0078){ref-type="ref"}). Our study provides further evidence that a decline in temporal heterogeneity may increase species richness, abundance, and functional richness.

The quantification of functional diversity is generally undertaken for two reasons: first to identify how the patterns of functional trait composition vary between assemblages (e.g., Neuschulz et al. [2013](#ece32389-bib-0060){ref-type="ref"}), and second, to understand how such trait variation influences the functioning of ecosystems (Petchey and Gaston [2007](#ece32389-bib-0066){ref-type="ref"}). Here, the functional indices illustrated that the rural area contains the highest diversity of functional traits, despite the absence of traits unique to other land uses, such as large‐bodied ground nesters. The protected and matrix areas were characterized by high functional divergence, meaning that species with unique traits at high abundances in those land uses. The observed reduced abundance in large‐bodied ground nesters was likely conservative, as they are cryptic and difficult to detect using a point count methodology as they do not flush readily and are evasive. Line transect methods may have overcome this constraint, but were not used here owing to general obstructions across land uses. Similar declines of birds with large size outside of protected areas, particularly raptors, have been recorded elsewhere in African savannas (Herremans and Herremans‐Tonnoeyr [2000](#ece32389-bib-0038){ref-type="ref"}; Thiollay [2007](#ece32389-bib-0081){ref-type="ref"}).

However, the ecological implications of this functional change in our study region are less clear (Devictor et al. [2008](#ece32389-bib-0017){ref-type="ref"}; Clavel et al. [2011](#ece32389-bib-0011){ref-type="ref"}; O\'Gorman et al. [2011](#ece32389-bib-0063){ref-type="ref"}). The functional roles of birds in ecosystems are increasingly recognized, but a comprehensive mechanistic understanding of the consequences of declines of specific groups in different ecosystems is still lacking (e.g., Sekercioglu [2006](#ece32389-bib-0075){ref-type="ref"}). Work on plants (Díaz et al. [2007](#ece32389-bib-0018){ref-type="ref"}), and food webs (O\'Gorman et al. [2011](#ece32389-bib-0063){ref-type="ref"}), suggests that functional declines alter ecosystem service delivery, but the consequences of the functional loss for vertebrates nonetheless remains less thoroughly explored (Díaz et al. [2013](#ece32389-bib-0019){ref-type="ref"}). Body size is a fundamental species trait that affects a range of ecological properties such as abundance structure (Lewis et al. [2008](#ece32389-bib-0044){ref-type="ref"}) and life‐history strategies (Rohwer et al. [2009](#ece32389-bib-0071){ref-type="ref"}), as well as processes such as the structure and dynamics of food webs across multiple scales of organization. In consequence, functionally unique species from a body size perspective may be instrumental in linking biodiversity and ecosystem processes with landscape change (Loreau [2010](#ece32389-bib-0046){ref-type="ref"}; O\'Gorman et al. [2011](#ece32389-bib-0063){ref-type="ref"}).

In conclusion, we found that different land uses in our study region have different biodiversity values in terms of bird assemblage composition. The findings support a growing consensus that the extent to which protected areas retain biodiversity varies with local scale factors (Evans et al. [2006](#ece32389-bib-0027){ref-type="ref"}; Gaston et al. [2008](#ece32389-bib-0033){ref-type="ref"}; Greve et al. [2011](#ece32389-bib-0036){ref-type="ref"}; Geldmann et al. [2013](#ece32389-bib-0034){ref-type="ref"}; Coetzee et al. [2014](#ece32389-bib-0014){ref-type="ref"}). Here we found that anthropogenic land‐use change has promoted the diversity of avian species, with one plausible influence being an increase in productivity and decrease in seasonality in productivity in the landscape. Habitats that are stressful to organisms may thus be altered by land‐use change to allow larger diversity for a suite of species, but may involve functional homogenization (Devictor et al. [2008](#ece32389-bib-0017){ref-type="ref"}; Clavel et al. [2011](#ece32389-bib-0011){ref-type="ref"}; O\'Gorman et al. [2011](#ece32389-bib-0063){ref-type="ref"}), in terms of the loss of functionally unique species, although the ubiquity of this pattern remains to be examined. In consequence, in contrast to some views (e.g., Thomas [2013](#ece32389-bib-0082){ref-type="ref"}), our study shows that an increase in biodiversity by anthropogenic alteration cannot simply be interpreted as a positive outcome. Here, the increase in avian diversity came at the expense of species with unique traits (see also discussion in Mayfield et al. [2010](#ece32389-bib-0050){ref-type="ref"}). Elsewhere it has also been shown that even the increase of a single native species affected by anthropogenic habitat alteration has introduced substantial ecological dysfunction (Maron et al. [2013](#ece32389-bib-0049){ref-type="ref"}). Much still needs to be done to understand how general ecosystem effects of changes in species with particular traits are likely to be (Díaz et al. [2013](#ece32389-bib-0019){ref-type="ref"}), but it is clear that the simple interpretation that greater abundance of some groups of species in a landscape is somehow better is not necessarily correct.
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